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a b s t r a c t
The St. Lawrence River near Cornwall, Ontario was designated an Area of Concern by the International Joint
Commission in 1985. Sediments from this area have historically been contaminated with mercury (Hg), and
although concentrations have decreased since the 1970s, they still remain high. Nine sediment cores were
collected from three sites within the Area of Concern in 2004/05 to determine the variability in historical
proﬁles of Hg deposition to the river. Sediment and pore water phases were analyzed for total mercury (THg)
and methyl mercury (MeHg) and cores were analyzed for 210Pb to determine chronologies of sedimentation
at these sites. Mercury diffusion rates in pore waters within the sediment column were determined to be very
low (between 0 and 2.15 ng cm− 2 year− 1, n = 3) compared to the recent Hg sedimentation rates at these
sites (183 ± 30 ng cm− 2 year− 1 SE, n = 9) determined by multiplying surface Hg concentrations with 210Pbderived sedimentation rates. These results indicate that Hg proﬁles in these cores accurately depict historical
releases of Hg to the river bed. The inﬂuence of federal regulations in the early 1970s to restrict Hg emissions
to the river was apparent in these dated sediment cores, as were the closures of several local industries in the
mid 1990s. Mercury accumulation rates prior to 1970 were 60 times higher than those occurring after 1995.
Methyl mercury showed surface enrichment in most of these sediment cores providing evidence that
mercury methylation occurred most rapidly near the sediment surface.
© 2009 Elsevier B.V. All rights reserved.
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1. Introduction
Mercury proﬁles in sediments are often used as archives of historical mercury contamination in freshwater and marine environments
(Gobeil and Cossa, 1993; Engstrom and Swain, 1997; Fitzgerald et al.,
1998; Lockhart et al., 2000; Johannessen et al., 2005; Lindberg et al.,
2006). Accurate interpretation of sediment records assumes that diagenetic redistribution does not alter the mercury proﬁle, however,
diagenetic processes (i.e. diffusion, precipitation, and biological
mixing) have the potential to reshape elemental proﬁles in sediments.
In a critical review of the subject, Rasmussen (1994) discussed postdepositional movement resulting in imprecise historical mercury proﬁles in sediments. Countering Rasmussen's arguments, Fitzgerald et al.
(1998) provided evidence that sediment cores accurately record
historical changes in mercury delivery to sediments. In view of these
opposing arguments, we consider herein the historical records of
mercury in sediments with a documented history of mercury pollution
in the St. Lawrence River, and we evaluate the importance of mercury
remobilization in affecting these historical archives.

⁎ Corresponding authors. Blais is to be contacted at Tel.: +1 613 562 5800x6650.
E-mail addresses: tdelongchamp@intrinsikscience.com (T.M. Delongchamp),
Jules.Blais@uottawa.ca (J.M. Blais).
0048-9697/$ – see front matter © 2009 Elsevier B.V. All rights reserved.
doi:10.1016/j.scitotenv.2009.03.010

In a section of the St. Lawrence River near Cornwall, Ontario, mercury concentrations in sediments exceed most of the national and
provincial sediment criteria for the protection of aquatic life
(Anderson, 1990; OMEE, 1994; Grapentine et al., 2003). This area had
a complex industrial history during the 19th and 20th Centuries
(St. Lawrence River RAP, 1997) with many physical inﬂuences
producing a range of sedimentary deposits, from coarse sand to ﬁne
gyttja (Carignan et al., 1994; Carignan and Lorrain, 2000; Pelletier and
Lepage, 2003). Industrial activities are considered to have been the
main sources of mercury pollution to this stretch of the river during a
large part of the twentieth century (St. Lawrence River RAP, 1992). The
important dischargers to the area included ICI Forest Products
(formerly Canadian Industries Limited, or CIL), a chlor-alkali plant;
Cornwall Chemicals; Domtar Fine Papers Ltd., a pulp and paper mill;
Courtaulds, a textile mill; and the Cornwall Water Pollution Control
Plant (WPCP). A brief history of known Hg emissions from these
sources is summarized in Table 1.
These industrial facilities historically discharged signiﬁcant quantities of mercury to the St. Lawrence River (Lepage et al., 2000). Although
some of the contaminated efﬂuent would have been transported downstream from Cornwall, because the dischargers were located in embayments along the waterfront, much of the efﬂuent settled to the bottom
sediments. High concentrations of mercury have been observed in
sediment deposition zones along the Cornwall waterfront. Studies from
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Table 1
A brief history of industrial mercury emissions to the St. Lawrence River near Cornwall
Ontario.
Industry

Hg emissions
prior to 1970

Hg emissions
from 1970–1995

Hg emissions after
1995

ICI Forest
Products

N 410 g day− 1 in
water efﬂuenta

85 g day− 1 in water
efﬂuentb and 195 g day
−1
through air
emissionsc
2 g day− 1 in water
efﬂuentd

20 g day− 1 in air
and water combineda
Plant closed in 1995

Domtar
?
Fine Papers
Cornwall
Chemicals
Courtaulds

a
b
c
d
e

?

3 g day− 1 in 1989–90e

74 g day− 1
Based on Ontario
in 1990e
Ministry of the
Environment
reports (1992),
Courtaulds
discharged the
highest loading
per year of mercury
to the river. Exact
amounts are
unknown.

0.003–0.03 g day− 1
in water efﬂuenta
Plant closed in 2006
Plant closed in 1995
Plant closed in 1992

St. Lawrence RAP (1997).
Ryan and Edmonds (1992).
ICI Forest Products fact sheet, November (1992).
Ontario Ministry of the Environment (1992).
Tuszynski (1992).

1970 to 1997 found sediment concentrations as high as 44 μg g− 1 in
1975 (Richman and Dreier, 2001). Since the closure of ICI Forest Products/
Cornwall Chemicals and Courtaulds in the early 1990s, we should expect
reductions in mercury contamination to sediments in the area.

This paper examines the history of local Hg contamination along
the Cornwall waterfront using dated sediment cores and investigates
factors that inﬂuence total and methyl mercury concentrations in the
sediment column. Pore water measurements of total Hg and methyl
Hg are used to quantify their potential diffusion within the sediment
column. These rates are compared to Hg sediment burial rates determined by 210Pb radiometric analysis of sediment horizons to assess
the effect of diagenetic remobilization on sedimentary mercury proﬁles in this portion of the St. Lawrence River.
2. Materials and methods
2.1. Study site
The St. Lawrence River near Cornwall Ontario was designated an
Area of Concern (AOC) by the International Joint Commission (IJC) in
1985. Mercury contamination was one of the major concerns. The
Cornwall AOC includes a stretch of the St. Lawrence River approximately 80 km long, from the Moses–Saunders power dam to the
eastern outlet of Lake St. François in Quebec. This stretch of the river
covers many jurisdictions, including the provinces of Ontario and
Quebec, the state of New York, as well as the Mohawks of Akwesasne.
The present study focused on three zones located along the Cornwall
waterfront of the North Channel (Fig. 1). Lamoureux Park (LP) was the
westernmost sampling location, and closest to the Domtar pulp and
paper mill. Windmill Point to Pilon Island (WPPI) was the largest and
easternmost zone, stretching from the old Courtaulds textile mill to
the eastern edge of Pilon Island. The Tank Farm (TF) was the smallest
sampling zone, situated between the LP and WPPI sites.
2.2. Sediment coring and processing
Sediment cores were collected from three sites along the Cornwall
waterfront of the St. Lawrence River (Fig. 1) from May to August, 2004

Fig. 1. Location of sampling sites in the St. Lawrence River near Cornwall. Sampling was conducted in three zones designated as LP, Lamoureux Park (left); TF, Tank Farm (centre); and
WPPI, Windmill Point to Pilon Island (right). An upstream site was used as a reference (RF). The coring sites are indicated by numbers (modiﬁed from St. Lawrence River RAP, 1997).
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and 2005, using a modiﬁed gravity corer (Glew, 1989), or a percussion
corer. Using acoustic data and maps of the river bed, cores were
collected from depositional areas at depths ranging from 7 to 12 m.
Redox potential was measured throughout the cores within 1 h of
collection. Cores were extruded on site at 1 cm intervals, under a
nitrogen atmosphere to minimize changes in redox potential. The
sediment slices were placed in air-tight centrifuge tubes, and were
transported on ice to the laboratory within 1 h for pore water separation. Grab samples were collected from a reference site using an
Ekman dredge, and frozen until further analysis.
Pore water proﬁles were obtained from duplicate sediment cores
taken on each sampling occasion. In the lab, pore water was separated
from sediment samples by centrifugation at 4000-rpm for 30 min
followed by ﬁltration using 0.45 μm syringe ﬁlters (with HT Tuffryn
membrane) in a glove box under a nitrogen atmosphere. Pore water
samples were preserved and refrigerated in the dark for THg (1% BrCl),
MeHg (0.5% HCl), and metals (0.5% HNO3) analysis. Sediment subsamples were freeze-dried for dating and THg analysis, and wet
sediments were frozen for future MeHg analysis.
Each sediment interval was manually homogenized with a spatula
in its centrifuge tube until uniform, then freeze-dried, and homogenized using a mortar and pestle. Percent water was calculated as the
weight of pore water removed after centrifugation plus the change in
mass after freeze-drying. Sediments from each interval were heated to
550 °C for 4 h to determine organic carbon content by weight loss on
ignition, and then heated to 950 °C for 6 h to determine carbonate
content (Dean, 1974).
2.3. Analytical methods
Methyl mercury in sediments was extracted into dichloromethane
and analyzed by capillary gas chromatography coupled with atomic
ﬂuorescence spectrometry (GC-AFS) as described by Cai et al. (1997).
Sediment THg analysis was conducted on homogenized freeze dried
sediment using an automatic mercury analyzer based on thermal
decomposition, dual-step gold amalgamation, and detection via ColdVapor Atomic Absorption using an SP-3D mercury analyzer (Nippon
Instruments Corp). The method detection limit (MDL) for the instrument was 0.01 ng, translating to 2 ng/g for a typical sample mass of
5 mg dry sediment. Precision, as indicated by the relative percent
difference (RPD) of duplicate samples, was found to average 5.5% for
THg in sediments (n = 62 pairs), and 8.2% for MeHg in sediments
(n = 79 pairs). The accuracy of our determinations of THg and MeHg
in sediments was estimated by analyses of analytical procedural
blanks, and spiked samples. The mean recovery of spiked samples was
102 ± 0% for THg (n = 5), and 107 ± 8% for MeHg (n = 7).
In order to retrieve an adequate volume of pore water for analysis,
1 cm interval samples from duplicate cores were pooled. Methyl
mercury concentrations were determined in pore water by capillary
gas chromatography coupled with atomic ﬂuorescence spectrometry
(GC-AFS) as described by Cai et al. (1996). The MDL was estimated as
0.02 ng L− 1. Water samples were analyzed for THg using preoxidation by BrCl, and SnCl2 reduction with pre-concentration by twostage gold amalgamation, followed with detection using cold vapour
atomic ﬂuorescence spectroscopy (CV-AFS). The analysis was conducted using a Tekran 2600 system following the modiﬁed US EPA
Method 1631 guideline for mercury analysis (US EPA, 2001). The MDL
was estimated as 0.2 ng L− 1. Analysis of procedural blanks consisting
of de-ionized water revealed no mercury contamination during THg
analysis, or during MeHg extraction and analysis. The mean recovery
of spiked samples was 105 ± 11% for THg (n = 10), and 103 ± 2% for
MeHg (n = 4).
Redox potential (Eh) was measured throughout the cores within
1 h of collection, using a VWR Scientiﬁc Model 2100 meter and
Corning redox combo probe. The probe was calibrated using Zobell's
solution standardized at approximately 300 mV and 234 mV.
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2.4. Radiometric dating
Analysis of 210Pb was performed on each core at selected depths
to determine age and sediment accumulation rates. 210Pb and 226Ra
activity were measured by gamma spectrometry, using a digital high
purity germanium well detector (DSPec, Ortec), following methods
described by Appleby (2001). Supported 210Pb was subtracted from
total activity to determine the unsupported fraction, which is used for
the calculation of sediment dates, and sedimentation rates. Calculation of dates for all cores was based on the Constant Rate of Supply
(CRS) model of Appleby and Oldﬁeld (1978), which allows for a
variable sedimentation rate, but assumes a constant rate of 210Pb
supply to the sediment, and minimal surface mixing.
2.5. Hg diffusion calculations
Mercury diffusion in sediment the sediment column was determined based on the Hg concentration gradient in porewaters. For Hg
diffusion in the absence of bioturbation and bioirrigation, a generally
accepted form of Fick's ﬁrst law is


2
diffusive flux ðF Þ = − uDw = θ ðδC = δxÞ

ð1Þ

where F is the ﬂux of a solute with concentration C at depth x, θ is the
tortuosity (dimensionless), φ is the sediment porosity, and Dw is the
diffusion coefﬁcient of the solute of interest in water without the
presence of the sediment matrix. In accordance with Gill et al. (1999),
we adopted a Dw value for inorganic Hg in water of 9.5 × 10− 6 cm2 s− 1,
and for MeHg in water of 1.3 × 10− 5 cm2 s− 1.
Tortuosity is not readily measured, but has been shown to be
related to porosity. For all ﬂux calculations, tortuosity was calculated
using the following empirical relationship (Boudreau, 1996)
 
2
θ = 1 − ln u

ð2Þ

Porosity (φ) was calculated by measuring the weight loss of sediments freeze-dried over 48 h to constant weight and calculating
u = 1 −ðbulk density = particle densityÞ

ð3Þ

where a particle density of 2.65 g cm− 3 was used (Brady and Weil,
2002).
2.6. Statistical analysis
Data used for regression analysis were tested for normality and
those that did not meet this assumption were log10 transformed. Mean
contaminant concentrations in sediment and water were compared
among stations using a one way ANOVA. The Tukey's Studentized
Range Test was applied to test station differences and to determine if
contaminant concentrations in sediment and water at each station
were signiﬁcantly different between stations.
3. Results and discussion
3.1.

210

Pb inventories and sedimentation rates

Activity of unsupported 210Pb decreased with depth in all cores,
with the exception of cores TF-1 and TF-2. Despite some irregularities,
the natural log of unsupported 210Pb activity plotted decreased almost
linearly with cumulative dry mass in most instances (Fig. 2). Decay
curves could be ﬁtted with R2 values N0.59, indicating a uniform
accumulation of sediments for all cores. Carignan and Lorrain (2000)
measured sedimentation rates of 0.11 to 1.78 g cm− 2 year− 1 in the St.
Lawrence River. Sedimentation rates for the Cornwall AOC were
within this range, with values from 0.18 g cm− 2 year− 1 for site LP-3 to
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Fig. 2. 210Pb activities plotted against cumulative dry mass in the 9 sediment cores from the St. Lawrence River near Cornwall, Ontario. Cores generally showed exponential declines in
210
Pb activity with sediment depth except for TF-1 and TF-2, where sediment disturbance is suspected.

Fig. 3. Depth proﬁles of total mercury (THg) and methyl mercury (MeHg) in three sediment cores from the Lamoureux Park (LP) site. Note the difference in scale along the THg axis
for the different cores.
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Fig. 4. Depth proﬁles of total mercury (THg) and methyl mercury (MeHg) concentrations in four sediment cores from the Windmill Point to Pilon Island (WPPI) site. Note the
difference in scale along the THg axis for the different cores.

0.58 g cm− 2 year− 1 for site WPPI-4. A sedimentation rate for the TF
site was not calculated because 210Pb activity showed no decline with
depth in these two cores.
3.2. Total mercury in sediment
THg concentrations in sediment cores from the LP, WPPI, and TF
sites ranged between 326 and 43,600 ng g− 1 (Figs. 3– 5), all of which
are above the 15.98 ± 2.88 ng g− 1 THg concentrations measured
in surface sediments taken by Ekman dredge at a reference site (RF,
Fig. 1). The majority of sediments sampled are also above typical background concentrations for uncontaminated sediments. Across Canada,
Rasmussen (1994) found that background concentrations in freshwater sediments fall between 20 and 175 ng g− 1 dry weight. In the
Strait of Georgia historical background concentrations of 60 ng g− 1
were measured (Johannessen et al., 2005).
In general, the shape of the THg proﬁles from each site has one or
more subsurface peaks indicating higher Hg deposition in past years.
The highest concentrations were found at depths below 5 cm in cores
LP-2, LP-3, WPPI-1, TF-1, and TF-2. Although surface sediments in all
the cores appear to have much lower Hg concentrations than deeper
sediments, they still exceed the national interim Sediment Quality
Guideline of 170 ng g− 1, and most exceed the Probable Effect Level
(PEL) of 486 ng g− 1 for Hg in sediments (CCME, 2005). A similar
historical pattern for mercury deposition in sediments was observed
by Pelletier and Lepage (2003) in Lake St. Francis, situated 10–40 km
downstream from these sites. Surface sediments sampled since the
early 1970s have also shown declines in mercury concentrations
(Table 2) corroborating the sediment proﬁle analysis. When surface
sediment Hg concentrations were compared between sites, no signif-

icant differences were detected (P N 0.05) due to the high variability of
concentrations within each zone.
The water content in sediments varied between 28 and 88%, with
no signiﬁcant difference between the three zones. Average organic
carbon content of the LP site (17%) and the TF site (21%) was signiﬁcantly higher (P b 0.001) than that of the WPPI site (9%). It is
thought that the carbon content can inﬂuence the Hg concentrations
of sediments (Lindberg et al., 2006). This relationship was investigated, and a correlation was found between the organic carbon content and THg in zones LP (n = 70, R2 = 0.48, P b 0.01) and TF (n = 20,
R2 = 0.67, P b 0.01), but not in zone WPPI (n = 73).
A study by the Ontario Ministry of Environment and Energy
(OMEE, 1994) in the Cornwall area showed that THg concentrations
were not correlated to particle size. The lack of correlation between
mercury and particle size is an indication that mercury was enriched
beyond the metal–particle size relationship, because ﬁne suspended
matter is known to have the greatest capacity to adsorb dissolved
mercury (D'Itri, 1990).
3.3. Factors affecting sediment MeHg depth proﬁles
MeHg concentrations at all sites vary considerably with depth
below the sediment surface, ranging between ~ 0.8 and 134 ng g− 1
(Figs. 3–5). All MeHg proﬁles show increases in surface sediments,
particularly when expressed as % MeHg (100 ⁎ MeHg / THg), where
values rise as high as 6% at the LP site (Fig. 6). MeHg concentrations decrease with depth away from the surface and remain
low, except in cores LP-2, LP-3, WPPI-1, TF-1, and TF-2, which show a
second peak between 10 and 30 cm, corresponding to a peak in THg,
where MeHg concentrations are equal to or greater than surface
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Fig. 5. Depth proﬁles of total mercury (THg) and methyl mercury (MeHg) in two
sediment cores from the Tank Farm (TF) site. Note the difference in scale along the THg
axis for the different cores.

concentrations. Despite these high concentrations, % MeHg at these
depths is below 1%.
Typical proﬁles of relatively unmixed sediments show that % MeHg
is generally low in the oxic surface sediments and at depth, and that
MeHg production occurs in a relatively narrow subsurface zone within
the sediments (e.g. Gagnon et al., 1996; Benoit et al., 1998; Bloom et al.,
1999). In St. Lawrence River sediments there is a peak in MeHg concentration, and in % MeHg (Fig. 6) at the sediment surface, suggesting
the absence of a well deﬁned oxic layer, which is corroborated by low
surface redox potentials (between − 100 and − 200 mV). Past studies
have found that percent methyl mercury in sediments is strongly correlated with potential methylation rates, suggesting % MeHg approximates relative Hg methylation rates in sediments (Benoit et al., 2003;
Sunderland et al., 2004). The ambient MeHg (Figs. 3– 5) and % MeHg
(Fig. 6) proﬁles suggest that methylation may be taking place through-

Fig. 6. Depth distribution of percent methyl mercury (MeHg) to total mercury (THg) in
sediment cores from the Lamoureux Park (LP), Windmill Point to Pilon Island (WPPI),
and Tank Farm (TF) sites of the Cornwall Area of Concern.

out the sediment column, with the highest rates at the sediment
surface.
The abundance of MeHg in aquatic systems is controlled by two
competing microbiological processes: mercury methylation (Jensen
and Jernelöv, 1969) and methyl mercury demethylation (Spangler
et al., 1973). In aquatic sediments, Hg methylation activity is thought
to be due mainly to sulfate reducing bacteria (SRB) (Compeau and
Bartha, 1985; Choi and Bartha, 1993; Devereux et al., 1996; King et al.,
1999, 2000), but abiotic MeHg formation is possible (Weber, 1993). Hg
availability is a fundamental prerequisite for Hg methylation (Benoit
et al., 2003). However the correlation between THg and MeHg is often

Table 2
Summary of average surface sediment Hg concentrationsa (ug g− 1) in the Cornwall AOC.
Year (sample depth)

LP siteb

1970 (0–7 cm)
1975 (0–3 cm)
1979 (0–3 cm)
1985 (0–3 cm)
1991 (0–3 cm)
1992 (0–2 cm)
1997 (0–10 cm)
1999 (grab)
2001 (0–10 cm)

4.70 (0.85–14.5)
5.69 (0.05–18.2)
6.80 (1.50–19.8)
0.63
3.26

a
b

1.23 (0.79–1.71)
2.10 (1.1–2.8)
0.80 (0.38–1.65)

TF site

0.56
0.25 (0.13–0.5)
4.51 (0.58–7.5)
1.74 (0.61–2.88)

WPPI site

Study

14.23 (1.24–35.9)
9.51 (0.62–44.0)
5.40 (0.13–18.0)
1.19 (0.13–4.4)
1.73 (0.19–3.13)

Anderson, 1990
Anderson, 1990
Anderson, 1990
Anderson, 1990
OMEE, 1994
OMOE, 1992
Richman, 1999
J. Ridal, unpublished data
Grapentine et al., 2003

5.57 (1.67–19.5)
1.50 (0.89–2.2)
2.25 (0.42–5.57)

Values in parentheses represent the ranges of Hg concentrations measured at each site.
Locations of the Lamoureux Park (LP), Tank Farm (TF), and Windmill Point to Pilon Island (WPPI) sites can be found in Fig. 1.
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observed to be weak when factors affecting SRB activities become
important (Hines et al., 2000; Conaway et al., 2003; Hammerschmidt
and Fitzgerald, 2004; Sunderland et al., 2004), such as the availability
of sulfate (King et al., 2000) and organic carbon (Lambertsson and
Nilsson, 2006). According to Benoit et al. (1999), low sulﬁde in
sediments promote Hg methylation through the formation of neutral
Hg–S, the form that penetrates bacterial (SRB) cell membranes diffusively rather than by way of a dedicated Hg2+ cellular transport
mechanism. Since the sulﬁde concentrations were low and relatively
constant at all sites along the Cornwall waterfront (b1.7 μM) the
environment for Hg methylation was favorable. High organic carbon
content creates ideal conditions for Hg methylation by promoting
microbial activity, lowering redox potential close to the sediment
surface, and providing anerobic conditions and electron donors for
sulfate reducing bacteria. Organic carbon also increases MeHg partitioning to the particle phase (Hammerschmidt and Fitzgerald, 2004).
Surface sediments in the LP site had signiﬁcantly higher MeHg and
organic carbon concentrations than WPPI and TF sites.
Various studies have found that microbial activity and sulfate
reduction, as well as mercury methylation rates, are highest in the
upper few centimeters of the sediment column (Korthals and Winfrey,
1987; Gilmour et al., 1992; Devereux et al., 1996; King et al., 1999;
Ravenschlag et al., 2000). The relationship between THg and MeHg
in surface sediments and at depth was examined. There was no correlation between THg and MeHg in surface sediments (0–5 cm),
but below 10 cm, there is a signiﬁcant correlation (R2 = 0.63, P b 0.01)
(Fig. 7). It appears that at depth, MeHg formation is controlled by the
availability of THg, whereas at the sediment surface, other factors are
contributing to these methylation rates.
3.4. Hg diagenesis
Most historical interpretations of sediment records assume
that diagenetic processes do not signiﬁcantly alter sediment mercury
proﬁles. Any processes that affect Hg mobility will complicate interpretation of sediment cores as a proxy for the emission record. Gobeil
et al. (1999) reported that remobilization and diffusion of Hg within
sediments may obscure Hg proﬁles in Arctic Ocean basins where sedimentation rates are low. THg and MeHg diffusion rates in the sediment column were estimated from their pore water proﬁles in our
study sites (Figs. 8 and 9). Results show that the upward diffusion of
Hg is much slower than the Hg deposition rate into the sediments.
Sedimentation rates along the Cornwall waterfront, ranged between
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Fig. 8. Total mercury in sediment pore-water (ng/L) from the St. Lawrence River near
Cornwall, Ontario.

0.18 and 0.58 g cm− 2 year− 1 were high enough to swamp any Hg
diffusion rates via porewaters. The proportion of total mercury present
in the pore water phase and available for upward diffusion was less
than 0.05% of the solid-phase Hg. The proportion of methyl mercury
present in pore waters was even lower relative to solid phase MeHg,
at less than 0.009%.
Pore water proﬁles of THg and MeHg concentrations (Figs. 8 and 9)
show little evidence of any major concentration gradient driving upward
mercury diffusion in the sediment column. The largest concentration
gradient was observed for THg in LP-3 porewaters (Fig. 8) amounting to
a calculated upward diffusion rate of 2.15 ng cm− 2 year− 1. This upward
diffusion rate, while signiﬁcant, was small compared to the bulk sedimentation rate of THg at this site, calculated by multiplying the THg
concentration in sediment with the 210Pb-determined sedimentation
rate (128 ng THg cm− 2 year− 1). This examination provides compelling
evidence that mercury proﬁles in these sediments from the St. Lawrence
River have not been dramatically altered by diffusion, though bioturbation, mechanical resuspension, and gas ebullition are other factors that
could affect the vertical distribution of Hg in lake sediments.
There were few examples of any MeHg concentration gradients in
porewaters to suggest diffusion within the sediment column (Fig. 9).
The only porewater proﬁle showing a signiﬁcant concentration gradient
within the sediment column was found in LP-1 (Fig. 9), where upward
MeHg diffusion was calculated to be 3 × 10− 4 ng MeHg cm− 2 year− 1
according to Eq. (1). This diffusion rate was very small compared to
the MeHg accumulation rate (MeHg concentration × 210Pb-determined
sedimentation rate) of 12.1 ng MeHg cm− 2 year− 1, showing that diffusion alone is very small compared to the combined rate of MeHg
deposition and net production in situ.
3.5. Sediment records

Fig. 7. Relationship between total mercury (THg) and methyl mercury (MeHg) in all
cores collected from the Cornwall Area of Concern. The correlation between THg and
MeHg in surface sediments (0–5 cm) is represented by a dotted line and in sediments
below 5 cm by a solid line.

The mercury accumulation rates in the St. Lawrence River for the
past half century are shown in Fig. 10. Hg concentrations were highest
during the sediment interval spanning the beginning of the ﬁrst
operation (early 1900s to 1970), the highest rates of 11,900 ng cm− 2
year− 1 being measured closest to the Courtaulds diffuser (WPPI-1)
around 1970. Hg accumulation declined from 1970 to the early 1990s,
in response to regulations and modiﬁcations implemented around
1970 to meet discharge limits. Hg accumulation rates at all sites have
decreased, in some cases up to 60 fold, from pre-1970 accumulation
rates, which ranged from 181 to 9340 ng cm− 2 year− 1. Current accumulation rates are from 80 to 263 ng cm− 2 year− 1, with maximum
rates measured in the downstream WPPI sites. The historical record is
not as clear in the WPPI-2, WPPI-3, and WPPI-4 cores, where Hg
accumulation rates are not consistently low in recent sediments. This
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Fig. 9. Vertical proﬁles of dissolved methyl mercury (MeHg) in pore waters for nine sediment cores from the St. Lawrence River (Cornwall) Area of Concern.

is likely due to their location within the WPPI zone, downstream from
the former Courtaulds diffuser and the most contaminated sediments
of the WPPI-1 area. The downstream sites may also be receiving resuspended sediments from the more contaminated WPPI-1.
Mercury emissions and deposition to sediments of the study site
peaked in the 1960s, mainly due to discharges from ICI Forest Products
and Courtaulds (Richman and Dreier, 2001). In the 1970s, federal
regulations and plant modiﬁcations limited the amount of Hg released
by the chlor-alkali industry, the pulp and paper mill, and Courtaulds,
as well as other industries on the St. Lawrence River. Emissions were
then drastically reduced in the early 1990s, when Courtaulds, ICI
Forest Products, and Cornwall Chemicals closed. According to plume
tracking models (Nettleton, 1999), the downstream WPPI site was
inﬂuenced by the efﬂuent from all of the above mentioned industries,
whereas the LP and TF sites were only impacted by efﬂuent from the
Domtar/ICI/Cornwall Chemicals combined discharger.
The Hg accumulation records in sediment cores collected from the
Cornwall waterfront reﬂect source histories. Pronounced sub-surface
peaks in Hg concentration in the cores correspond to historic mercury
discharges from the described industrial facilities that operated along

the river in the mid-1990s. A Kruskall–Wallis One Way Analysis of
Variance on Ranks was used to test the hypothesis that average 1905–
1970 Hg concentrations are higher than average 1970–1992 concentrations, and that average 1970–1992 concentrations are higher than
average 1992–2005 concentrations. Temporally, the overall mercury
concentrations decreased signiﬁcantly after 1970, and again after 1992
(P b 0.05) (Fig. 11).
Although Hg concentrations of newly deposited sediment are
much lower, there is no evidence of a rapid return to naturally
occurring levels, despite the closure of Courtaulds, ICI Forest
Products, and Cornwall Chemicals around 1995. From 1995 to 2006,
Domtar Fine Papers and the Cornwall Water Pollution Control Plant
were the only local industrial dischargers to the Cornwall Area of
Concern, and they are considered minor sources of mercury. Domtar
Fine Papers closed in early 2006, at the end of this study. In future
studies, mercury concentrations in newly deposited sediments
should reﬂect the closure of Domtar Fine Papers in early 2006.
There is also a possibility that the high concentrations of Hg in
surface sediments are caused by the deposition of Hg-rich particles
originating from the resuspended sediments within the study sites,
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Fig. 10. Mercury accumulation rates are plotted over time for 8 cores from Lamoureux Park (LP) and Windmill Point to Pilon Island (WPPI). Dotted lines indicate the period in
which plant regulations/modiﬁcations were introduced to reduce mercury emissions in 1970, and the ﬁnal year in which ICI, Courtaulds, and Cornwall Chemicals closed in 1995.
The uncertainty of the Constant Rate of Supply (CRS) dates is indicated by standard deviation bars. Sediments deposited prior to 1960 are not shown due to high uncertainties
in dating.

Fig. 11. Comparison of mean total mercury (THg) concentrations of sediments from
three different time periods; 1905–1970 (n = 26), 1970–1995 (n = 35), and 1995–2005
(n = 42). Sediments are from LP and WPPI sites. Error bars represent the standard error.

to be signiﬁcantly altered by diagenetic redistribution, and the sediment mercury proﬁles correspond well to the source histories in most
instances despite more than an order of magnitude Hg concentration
differences among sites. These case histories present compelling evidence that sediments accumulating in the two sites (LP and WPPI)
of the St. Lawrence River provide a good record of mercury inputs for a
period of at least half a century. The histories of mercury contamination in the cores is consistent with the known histories of Courtaulds,
ICI, Domtar and Cornwall Chemicals, and the presence of low levels of
mercury in the top slices supports the claim that these industries were
the primary Hg source to this area. The mercury distribution within
and between sampling sites is spatially heterogeneous, yet the inﬂuence of an anthropogenic Hg source is clear. The persistence of high
mercury concentrations in surﬁcial sediments may also be explained
by resuspension of contaminated sediments as well as by bioirrigation
and bioturbation, constituting a continual source of mercury to the
system. In the Cornwall AOC, the highest Hg methylation rates occur at
the sediment–water interface, providing a vector for MeHg entry into
the water column and resulting in the exposure of organisms feeding
at the sediment surface.
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